■ INTRODUCTION
Groundwater arsenic (As) contamination is a global problem affecting the health of millions of people through arsenicosis and increased risk for cancers 1 and cardiovascular disease, 2 as well as decreased immune resistance to infections such as the H1N1 virus. 3 In South and Southeast Asia, geogenic arsenic contaminates large portions of the aquifers of the Brahmaputra/Ganges, Mekong, Irrawaddy, and Red River Deltas. 4 Arsenic in these deltas is derived from a common Himalayan source 5, 6 and deposited in low-lying regions where reduction of As-bearing iron (Fe) minerals liberates As from the solid phase, transferring As to groundwater that is extracted for drinking through shallow tubewells. 7, 8 Arsenic concentrations in deltas across Asia commonly exceed the World Health Organization (WHO) drinking water standard of 10 μg L −1 . 4, 5 China contains some of the most populated regions at risk of exposure to As contaminated groundwater. Current estimates of the Chinese population exposed to elevated arsenic concentrations, however, vary widely, ranging from 0.58 million 9 and 1.85 million 10 to as many as 19.6 million individuals. 11 Although arsenicosis was first reported in China in 1980, 12 information on groundwater arsenic contamination and exposure were not widely distributed outside of China until recently. Additionally, much of the current research on Ascontaminated groundwater has focused on inland basins of arid regions in Northern China 9, 10, 13 where organic-rich deposits and alkaline waters have been reported to cause As desorption from the solid phase. Recent studies have also identified As contamination throughout the Jianghan Plain, an inland depositional basin along the Yangtze River. 14 An outstanding question for mitigating groundwater arsenic exposure is determining how concentrations vary temporally. A recent study 15 in New England, U.S., shows that seasonal variability in As concentrations may have been underestimated in previous data sets and may be a significant issue in accurately modeling As concentrations. Additional studies in Oregon, U.S., 17 Vietnam, 18 and Cambodia 19,20 also show seasonal variation in groundwater As. The magnitude of changes in As concentrations varies across study areas. In New England, a threshold of ±4 μg L −1 was used to determine whether a change occurred between samples but concentrations exceeded 100 μg L −1 in <1% of the over 2000 measurements in the study. 15 Arsenic concentrations changed by ∼400 μg L −1 within a year in both surficial porewater and deeper groundwater in the Mekong Delta, where As concentrations average 500 μg L −1 and can exceed 1000 μg L −1 in some wells. 19 The strongest temporal changes were observed near the banks of the Mekong River and attributed to changes in horizontal hydraulic gradients in the aquifer. In contrast, studies in Nevada, U.S., 21 and Bangladesh 22 have observed limited seasonal fluctuations in As concentrations. In Bangladesh, 22 wells were selected for initial As concentrations <50 μg L −1 while in Nevada 21 As concentrations averaged 73 μg L −1 but included wells with As concentrations that exceeded 3000 μg L −1 . In Nevada, 21 43% of the wells showed variation in As concentrations, but half increased during the dry season while half increased during the wet season. The focus of most temporal studies has been on multiyear trends 23 or to discern whether shallow groundwater with high As concentrations can migrate and contaminate low-arsenic, deeper groundwater over time. 24−26 In the present study, we examine temporal trends in groundwater arsenic concentrations reported within the Jianghan Plain of the Yangtze River, 27 a recently discovered region of As contaminated groundwater with depositional characteristics similar to many other As-affected areas of Asia. 14 Our objective was to determine the mechanisms underlying the seasonal fluctuations in arsenic concentrations and thus their propensity to occur in other regions. Our results document strong seasonal shifts in groundwater arsenic resulting from hydrologic gradients that induce radically different biogeochemical aquifer conditions, illustrating the need to increase monitoring frequency as well as the potential to exploit lowarsenic periods for extraction.
■ MATERIALS AND METHODS
Field Area. The Yangtze River (Changjiang) is the longest river in Asia flowing ∼6400 km from the Qinghai-Tibet Plateau to the East China Sea and draining an area of approximately 1.8 million km 2 . Downstream of the Three Gorges area, the river empties into an alluvial basin, the Jianghan Plain, built of sediment derived from the Yangtze and Han Rivers, encompassing an area of >55 000 km 2 . 28 The Plain's climate is subtropical monsoon and was historically dominated by a substantive system of lakes covering ∼7% of the land surface, although drainage for land reclamation decreased the lake area from 3885 to 1839 km 2 (a decrease of 53%) between 1950 and 1978. 28 The field area in this study is mainly agricultural and includes a large area of aquaculture ponds; however, a large metals refining plant is located within the area. Both irrigated fields and ponds are dominantly supplied with surface water. An overview of the field site (30.15°N, 113.66°E) and monitoring well locations is provided in Figure 1 .
Well Installation. Drilling and well installation occurred in November 2011. Nests of three wells <1 m apart were installed at 13 locations within the ∼10 km 2 field area comprising 39 total monitoring wells ( Figure 1 ). Each location included wells with a 1 m screen centered at 10, 25, and 50 m. Wells were drilled using either a Geoprobe 6620DT direct push drill rig or a rotary drill method. Sediment texture was logged for each well during drilling, and general lithology of the area is fine-grained silts and clays covering the top ∼18 m and fine to coarse sand below this depth (Supporting Informaton (SI) Figure SI-1) . Polyvinyl chloride (PVC) pipe with a 1 m sliced screen was inserted into the drill hole. The annulus was backfilled with clean coarse sand to cover the well screen and then topped with 1 m of bentonite to seal the well screen from surface water. The remaining fill was with native sediment. Each well was mounted with a concrete apron and sealed with a locked iron cover. Immediately after installation, wells were pumped until clear water was obtained and allowed to mature for six months prior to further sampling in May 2012. Groundwater chemistry was monitored monthly at all 39 wells and at least two surface water bodies. Pump tests were performed in September 2014 to check for leaking and short-circuiting wells. Details of the tests and results for a pump test at well nest SY13 are provided in SI Figure SI-2.
Water Level Monitoring. Well water levels were monitored twice per month using an electronic water sensor and translated to relative positions for the field area using surveyed points. The average of three water depth measurements was recorded in the field. These measurements were converted to water level heights by subtracting them from the surveyed well casing elevation. Surface water levels were measured relative to fixed points of known elevation. Potential flow between surface water and groundwater or between wells at different depths was determined by subtracting water level elevations. When determining surface water and groundwater differences, the average of the Tongshun (north) and Dongjing (south) rivers ( Figure 1 ) was used for the surface water elevation because the water levels in these rivers feed irrigation canals and aquaculture ponds throughout the field site and are most indicative of regional surface water trends.
Chemical and Isotopic Analysis. After water level measurements were recorded, wells were purged and temperature (±0.1°C) and oxidation−reduction potential (ORP, ± 0.1 mV) were measured in the field using a Hach HQ40D multimeter. ORP measured on the HQ40D relative to Ag + / AgCl was converted to the ORP of standard hydrogen electrode, Eh, by adding +240−251 mV depending on the measured water temperature. Purging volumes were at least three well volumes or until temperature and ORP measurements stabilized. Arsenic concentrations were determined from field-acidified samples with a Titan 930 hydride generation atomic fluorescence spectrophotometer (HG-AFS). Select samples were also analyzed for arsenite and arsenate speciation using high pressure liquid chromatography linked to an inductively coupled plasma mass spectrometer (HPLC-ICP-MS). Anion concentrations (chloride) were analyzed using a Dionex 2500 ion chromatograph (IC). Aqueous Fe(II) and sulfide concentrations were measured in the field using a Hach 2800 portable spectrophotometer and Hach reagent kits. Hydrogen (H) and oxygen (O) isotopes were measured using a gas stable isotope mass spectrometer (MAT253, Finnigan, Germany). The precision for δ 2 H and δ 18 O were ±1.0‰ and ±0.1‰, respectively. Sediment Incubations. Sediment microcosms were performed in duplicate to track arsenic release from sediments recovered during drilling at site SY03 ( Figure 1 ). Sediment cores were sealed with paraffin wax, frozen, and stored in gastight boxes with Anaeropack (Mitsubishi) oxygen scavenging packs and transferred to Stanford. All incubations were performed in an anoxic chamber (95% N 2 and 5% H 2 atmosphere). Twenty g of anoxic sediment from each sampled depth were suspended in 100 mL of anoxic DI water in a sealed serum vial. Five mL aliquots of homogenized sediment-water slurry were sampled daily for 4 days and filtered with a 0.2 μm syringe filter, after which major elements were measured with inductively coupled plasma optical emission spectroscopy (ICP-OES).
■ RESULTS Surface and Well Water Levels. Surface water levels at the field site fluctuate 5−8 m annually (Figure 2 ) and are closely tied to monsoon rains (SI Figure SI-3) . Average well water levels follow a trend similar to surface water, but the magnitude of their fluctuations is approximately 1 m and the timing of falling and rising well water levels lags surface water changes ( Figure 2 ). The consequence of these fluctuations is an annual reversal of groundwater flow gradient that is dictated by changes in surface water level (Figure 2 ). During the wet summer monsoon when surface water levels are higher than groundwater levels, a groundwater recharge flow gradient develops; groundwater pumping further maintains this strong downward gradient. During drier, winter months (nominally September to April), surface water levels drop below groundwater levels, and groundwater flow reverses and moves toward surface waters.
Although variable on an individual well nest basis, average water levels for the shallow 10 m wells are higher than the deeper 25 or 50 m wells, indicating a net downward gradient throughout the year ( Figure 2B ). This gradient increases during the dry season as water levels in the deeper wells fall faster than 10 m wells. Water levels in the 25 and 50 m wells are similar in nearly all measurements, indicating that the aquifers at 25 and 50 m are hydraulically connected. Groundwater levels are provided for each well nest individually in SI Figures SI-11 O values is 0−2 months, suggesting rapid delivery of surface water to the deeper portions of the aquifer.
Surface water temperatures fluctuate seasonally and range from 5 to 34°C. Well water temperatures follow a similar seasonal trend but are dampened relative to surface water temperature, ranging between 13 and 26°C (SI Figure SI-6 ). There is no obvious lag between surface and groundwater temperature trends.
The rapid rise in surface water levels in December is followed by a sharp (nearly 100-fold) increase in Cl − concentration in the Tongshun River, which bounds the north side of the field site (SI Figure SI-7) . The source of the Cl − is suspected to be industrial; it serves as a conservative tracer for tracking surfacegroundwater interactions. Chloride concentration in the 25 m well at SY03 increases a month after the spike in surface water (SI Figure SI-7) . Similarly timed seasonal changes in groundwater Cl − concentration are observed throughout the field site. Arsenic Concentrations. During the 31 month period from May 2012 to November 2014, arsenic concentrations in groundwater of the 39 measured wells averaged 62 μg L −1 and ranged from <1 to 1200 μg L −1 (n = 1092). Arsenic concentrations separated by well depth (Figure 3) show that the average and median As concentrations are highest in the 25 m wells, consistent with studies in Bangladesh where aqueous As concentrations generally reach a maximum at 20−30 m depth. 29, 30 Both the mean (24, 127, 37 μg L −1 ) and median (14, 68, 37 μg L −1 ) As concentration exceed China's drinking water standard of 10 μg L −1 for 10, 25, and 50 m wells, respectively (Figure 3 ).
Arsenic concentrations range over 3 orders of magnitude within the ∼10 km 2 field site, and well depth alone does not account for these variations. Similar to previous studies, 31 we found that As concentrations varied spatially across the field site, with the highest concentration observed at 25 m in well nest SY03 (Figure 4 ). Arsenic concentrations also varied seasonally across the field area; the most extreme case occurring at the 25 m well at SY03 when As concentrations increased from 100 to 1200 μg L Although the timing and duration of extreme values in As concentrations varied somewhat between years, the ratio of the maximum value to minimum value in each year averaged 9.4, nearly an order of magnitude increase in As concentrations within a given year. The ratios for 2012, 2013, and 2014 were 10.6, 11.1, and 6.6, respectively. To quantify the magnitude of the seasonal variation in As concentrations across the field site we grouped data by quarter 15 and compared the two adjacent quarters of April− June (Q2) and July−September (Q3). Similar, albeit less extreme, seasonal variation in As concentrations was observed throughout the field area at all measured depths, and without correcting data for variations in the timing of minimum and peak As concentrations. The average ratio of As concentrations of Q3/Q2 for 2012−2014 across the field site were 2.0 ± 0.7, 1.9 ± 0.3, and 1.5 ± 0.3 for 10, 25, and 50 m wells, respectively, indicating a 50−100% increase in As concentrations between these adjacent 3-month periods. Each of the 39 wells showed an increased average As concentration between Q2 and Q3, with an average ratio of 1.8 and a range from 1.1 to 3.8.
Dissolved Iron and Sulfide. Ferrous-iron and sulfide concentrations show similar seasonality as As concentrations in well SY03 (Figure 4) at the 25 m well at SY03 and <1 to 476 μg L −1 across the field site. As the downward gradient from surface water to the aquifer increases in magnitude, concentrations of sulfide decrease sharply followed by a decrease in Fe 2+ concentrations (Figure 4 ). E h measurements during groundwater recharge increase, indicating relatively oxidizing conditions occurring coincident and consistent with decreases in reduced Fe and S species (Figure 4) . , we estimate an annual horizontal groundwater discharge from the aquifer (18−50 m) of 51 000 m 3 . This implies a groundwater residence time of 2000−3500 years. Vertical groundwater recharge was also estimated based on the volume of water required to deliver an oxidant (O 2 , NO 3 ) sufficient to explain observed changes in Fe(II) concentration. These calculations imply much shorter groundwater residence times of 10−20 years and that the primary source of water to the subsurface is vertical recharge rather than regional horizontal flow (see SI for additional details of these calculations). Water level data during the monitoring period show overall declining water levels in the aquifer (Figure 4 , Figure 6 ) and support groundwater discharge exceeding groundwater recharge, which is potentially driven by groundwater extraction for industrial and/or agricultural use.
Using chloride as a tracer for vertical recharge at the 25 m well of SY05 (SI Figure SI-7) , we similarly calculate a mixing of 0.43% surface water with groundwater following a spike in surface water chloride in February 2014, although this exchange appears to have occurred over a period of only 1−2 months. At well SY07, which may be influenced a nearby pumping well, changes in chloride concentration indicate that approximately 1% surface water mixed at 25 m over a period of 1−2 months. Extrapolating these mixing results over a 3−6 month period annually, we calculate a residence time of 15−80 years, similar to residence times calculated from Fe(II) oxidation estimates. Collectively these results imply that oxygen and nitrate containing surface water is rapidly exchanging with the aquifer on an annual basis and that seasonal changes in water flow between surface and groundwater impart changes to aquifer 
/HS
− couples. The species concentration profiles indicate a gradual (period of months) shift to more oxidizing conditions as water levels decrease between October and April. During this period, aqueous concentrations of sulfide, Fe(II), and As diminish, reaching minima in April and May.
However, the oxidizing conditions are transient. As surface water levels fall and the flow gradient reverses, As, along with reduced species of Fe and S, reappear in solution (Figure 4 ). Similar observations of As seasonality were made in the Red River Delta where "the highest arsenic concentrations occurred at the transition of the rainy season to the dry season (September, December) and the lowest at the end of the dry season (May)". 17 In our monthly data set, Fe(II) concentrations increase abruptly between May and June, followed by sulfide and As concentrations between June and July. Aqueous As speciation for May and August revealed that during the period of low As concentrations, As(V) is the dominant species (88%); a rapid transition to As(III) (93%) then occurs as total As concentrations increase (Figure 4) . These results are consistent with As(V) and Fe(III) reduction leading to increased desorption, 32 and consistent with observations throughout South and Southeast Asia where elevated As concentrations prevail under As(V)/Fe(III) reducing conditions. 33, 34 Incubation experiments indicate that sediments from depths 20−23 m release As appreciably during anoxic incubations without the need for an exogenous electron donor (organic carbon) or more reactive iron hydroxides ( Figure 5 ) and respond rapidly to changes in oxygenation (SI Figure SI-10 ). Our observations of reductive release of arsenic at depth stands in contrast to results from other regions of South and Southeast Asia where As release is often constrained to surface sediments. 19,35−37 The absence of arsenic release from deep sediments at these other sites is attributed to the limited reactivity of both the organic carbon and specific arsenicbearing iron oxide. 19, 35, 37 The rapid release of arsenic from the sediments at depth here may be attributed to more reactive carbon or, alternatively, more reactive iron oxides produced by the seasonal oxidation.
Controls on Arsenic Concentration. The magnitude of seasonal changes in As concentrations varies with depth and across the site. To provide a means of comparing relative changes in As concentration, thus overcoming the challenge of observing trends comparing highly contaminated wells (e.g., SY03 maximum As concentration 1200 μg L −1 ) and less contaminated wells (e.g., SY11 maximum As concentration 54 μg L −1 ), we calculated a normalized As concentration at individual wells (eq 1):
[As] /MAX [As] t ,norm t
Where [As] t, norm is the normalized concentration at time t, [As] t is the measured concentration at time t, and MAX[As] is the maximum concentration observed at each well over the entire monitoring period (31 months). The normalized value at each well has a maximum of unity, corresponding to the time of maximum concentration. We performed a similar normalization for Fe(II) and sulfide concentrations making it possible to compare the timing of relative changes for the redox active species across the entire field site for the full monitoring period ( Figure 6 ). We analyzed changes in concentrations of As, Fe(II), and sulfide in relation to recharge and discharge gradients across the site as well as similarly normalized groundwater levels. During periods of groundwater recharge, oxidizing water reaches the subsurface and aqueous concentrations of reduced species decrease ( Figure 7A ). During periods of groundwater decline and limited recharge from the surface, the supply of oxidizing water is limited and reducing conditions prevail; this leads to increased concentrations of aqueous As, Fe(II), and sulfide ( Figure 7B) .
Inflow of surface water containing low concentrations of As could also dilute As concentrations in the aquifer, but the volume of water required to dilute As concentrations are not supported by groundwater residence times or estimates of vertical recharge (see SI for details of these calculations), nor is it consistent with the observed stable isotope trends (SI Figure  SI-4) . Nonetheless, dilution could contribute to decreases in As concentrations during groundwater recharge. Phosphate seepage into the aquifer resulting from phosphate addition to agricultural fields could also destabilize adsorbed As, but phosphate concentrations are below detectable levels in the aquifer (data not shown), and dissolved phosphate concentrations are typically regulated by strong adsorption on surface soils/sediments. Further, if phosphate induced desorption of As were the major mechanism of As release, we would expect an increase in As concentrations to be independent of, or precede, Fe(II) concentrations, which is not the case (Figures 4 and 6) . Changes in the direction of water flow gradient precede changes in redox conditions and ultimately control As concentrations in the aquifer.
■ IMPLICATIONS FOR WELL TESTING AND IRRIGATION
Using the complete data set of more than 1000 As measurements at the field site, we estimated how seasonal variability in As concentrations affects As testing. The worstcase scenario is for false-negative reporting where a test result is safe while in fact the water does not meet drinking water standards. We calculated the rate of false-negative testing if wells are sampled in April, May, or June to be 10% using the 10 μg L −1 standard and 45% for the 50 μg L −1 standard (Table SI-1, see SI for additional details). This complicates screening large numbers of wells to determine where safe drinking water is reliably available because well screening campaigns in the Jianghan Plain should also consider the season of testing, or allocate resources for retesting. When retesting takes place, we know of no existing guidelines for capturing seasonal variability in As concentrations. The rapid response of As concentrations to changes in surface-groundwater gradients implies that human alterations due to irrigation extraction or changes to surface water flow upstream may rapidly increase or decrease groundwater As concentrations and that testing must account for the potential (rapid) shifts in the responding arsenic concentration.
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